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Abstract
Connectivity is vital for the maintenance of spatially structured ecosystems, but is threat-
ened by anthropogenic processes that degrade habitat networks. Thus, connectivity 
enhancement has become a conservation priority, with resources dedicated to enhanc-
ing habitat networks. However, much effort may be wasted on ineffective management, 
as conservation theory and practice can be poorly linked. Here we evaluate the success 
of landscape management designed to restore connectivity in the Humberhead wetlands 
(UK). Hybrid pattern-process models were created for six species, representing key taxa 
in the wetland ecosystem. Habitat suitability models were used to provide the spatial 
context for individual-based models that predicted metapopulation dynamics, including 
functional connectivity. To create models representing post-management conditions, land-
scape structure was modified to represent local improvements in habitat quality achieved 
through management. Models indicate that management had limited success in enhancing 
connectivity. Interventions have buffered existing connectivity in several species’ habitat 
networks, with inter-patch movement increasing for modelled species by up to 22% (for 
water vole, Arvicola amphibius), but have not reconnected isolated habitat fragments. Field 
surveys provided provisional support for the accuracy of baseline models, but could not 
identify predicted benefits from management interventions, likely due to time-lags follow-
ing these interventions. Despite lacking clear empirical support as yet, models suggest the 
management of the Humberhead wetlands has successfully enhanced the landscape-scale 
ecological network, achieving management targets. However we identify key limitations to 
this success and provide specific recommendations for improvement of future landscape-
scale management. Our developments in model application and integration can be devel-
oped further and be usefully applied to studies of species and/or community dynamics in a 
range of contexts.
Keywords Connectivity · Landscape-scale management · Individual-based model · Hybrid 
model · Conservation evaluation
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Introduction
Connectivity of fragmented landscapes is considered to be of vital importance in main-
taining long-term population viability in heterogeneous landscapes (Vasudev et al. 2015). 
Increasing attention has been given to landscape connectivity in the context of anthro-
pogenic land-use change (Watling and Donnelly 2006) and synergistic processes such as 
human-driven climate change (Hodgson et al. 2011). As landscape structure is degraded 
and fragmented by anthropogenic modification, it is expected that this will fundamentally 
degrade ecosystem processes (Lawson et al. 2010). As such the creation and maintenance 
of functional linkages between remnant populations is essential for the long-term preserva-
tion of ecosystems in human-dominated landscapes (Benz et al. 2016).
In order to ameliorate anthropogenic landscape fragmentation, connectivity enhance-
ment has become a conservation priority, with many resources dedicated to reconnecting 
habitat fragments in human-modified landscapes. However, as with many areas of applied 
conservation, there is concern that much of this effort is wasted on poorly planned or 
implemented management that often fails to enhance functional linkages between habitat 
islands effectively (Sutherland et al. 2004). This uncertainty about success arises from the 
complexities of measuring habitat connectivity in the field and in predicting the potential 
impacts of interventions at the landscape scale (Luque et al. 2012).
A stated aim of UK conservation policy is to produce a landscape that consists of habi-
tats that are bigger (larger extent), better (higher quality), more (greater number), and more 
joined-up (enhanced ecological connectivity) (Lawton 2010). However, effective planning 
and evaluation of management to achieve these aims require considerable resources that 
are often not available. It is essential, therefore, to apply methods that make optimal use 
of existing data in order to determine the potential value of management options. Hybrid 
models are one approach that integrates different ecological processes in order to provide 
realistic solutions to complex problems by combining ecological principles with available 
ecological data. For example, habitat suitability models, that identify fragmented habitat 
networks based on the observed presence of a species (Merow et al. 2013), can be com-
bined with dispersal models created either through movement rules that are already known 
about a given species or general ecological theory (Simpkins et al. 2018) and metapopula-
tion models that are parameterised using known population dynamic parameters (MacPher-
son and Bright 2011). The strength of the hybrid modelling approach is that it enables the 
nested interactions between these sub-models to be represented, approaching a degree of 
ecological realism not possible when the sub-models are viewed in isolation (Parrott 2011).
Freshwater habitats are a particular focus for connectivity enhancement as they suffer 
from extreme levels of fragmentation, pollution and degradation compared to other habitats 
(Vörösmarty et al. 2010). River habitats represent dendritic networks along which organ-
isms can move, but movement between network branches varies greatly between taxa (e.g. 
Chaput-Bardy et al. 2008). Meanwhile standing waters such as ponds and lakes are inher-
ently isolated (Eros et al. 2012), resulting in communities structured strongly by dispersal 
into landscape-scale metacommunities (Heino et al. 2015). The importance of movement 
between water bodies as a driver of metapopulation or metacommunity dynamics has led 
to recognition of the importance of landscape structure between suitable habitat patches, 
mostly in relation to amphibians (Crawford and Semlitsch 2007). Attempts to enhance 
landscape-scale connectivity have focused on within-channel enhancements through dam 
removal (Carvajal-Quintero et al. 2017) or increasing the number of standing water bodies 
to improve connectivity (Williams et al. 2008).
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In this study we aimed to evaluate a conservation management program that was imple-
mented to enhance ecological connections between freshwater habitats in the Humber-
head wetlands landscape in the north of England (HLP 2015). We expected that structural 
changes in the landscape brought about by management action would enhance functional 
connectivity to some degree, but that this response would be complex and vary between 
species depending on their habitat requirements and life history traits. In order to test this, 
hybrid pattern-process models were created for six putative indicator species representing 
the wetland community of the area. For each species, outputs from a baseline model were 
compared with those from a management model, in which the structural changes to habitat 
brought about by management interventions were reflected. By comparing baseline with 
management outputs we were able to predict complex population responses to structural 
modification that are initially unclear and difficult to detect directly in the field.
Materials and methods
Study area
As part of the response to the Lawton Review (Lawton 2010), 12 Nature Improvement 
Areas (NIAs) were created across the UK in 2012, of which the Humberhead Levels 
(HHL) NIA was one. The HHL NIA covers a 49,000  ha area and includes a variety of 
wetland habitats separated by agricultural and urban areas (see Fig. 1). The conservation 
management of the HHL NIA aims to deliver the stated “more, bigger, better, and joined” 
ecological network within the landscape of the Humberhead wetlands, and these wetland 
habitats have been the focus of habitat creation and restoration work (wet grassland, reed-
bed, marsh, and wet woodland). To this end, in the first phase of management (2012–2015) 
1190 ha (2.4% of the total area of the HHL NIA) of natural habitat was created, restored 
or extended (HLP 2015). The management of the HHL NIA has been a success in terms 
of increasing the extent and quality of target landcover categories represented across the 
landscape. In purely structural terms it appears that habitat is better connected, as the aver-
age distance between fragments of target land cover classes is lower than pre-management 
distances (Cruz et  al. 2015). Here, we explore the functional connectivity enhancement 
that has resulted from the increase in habitat area, taking into account ecological processes.
Model species
Six species were chosen as appropriate indicators sensitive to connectivity enhancement in 
the HHL NIA: the azure damselfly (Coenagrion puella), common darter dragonfly (Sym-
petrum striolatum), water vole (Arvicola amphibius), grass snake (Natrix natrix), willow tit 
(Poecile montanus), and reed bunting (Emberiza schoeniclus). These species represented 
a range of different dispersal modes (insect and bird flight, plus mammal and reptile ter-
restrial movement), evolutionary histories (two invertebrates, two birds, one mammal and 
one reptile), habitat requirements (requiring a combination of aquatic, riparian and arboreal 
habitats, but all requiring water) and life-histories (short-lived invertebrates that live the 
majority of their lives in the water, vertebrates which reproduce annually and have overlap-
ping generations). These species and their key traits are summarised in Table 1. A sum-
mary of the following hierarchical model structure can be found in Fig. S1.
 Biodiversity and Conservation
1 3
Model 1: habitat suitability model
We used MaxEnt to produce habitat suitability surfaces for the focal species based on 
observations from biological records (Phillips et al. 2006). The minimum rectangular area 
that contained the full extent of the HHL NIA (45.9 × 43.8  km, 2010  km2) was used as 
the focal area for all models. Species data from the ecological records in the Humberhead 
wetlands held by various parties (British Dragonfly Society, Doncaster Local Records Cen-
tre, North East Yorkshire Ecological Records Centre, National Biodiversity Network and 
British Trust for Ornithology) were used as model input. Merging of data from different 
sources was necessary as sample sizes received from each source individually were low, 
Fig. 1  Map of the Humberhead Levels Nature Improvement Area (NIA) in relation to natural habitat fea-
tures (woodland, grassland, bog) and nearby urban areas. Map data are from Land Cover Map 2015 (Row-
land et al. 2017) and NIA boundaries from Natural England (Natural England 2017). Inset map shows the 
context of the 11 NIAs in England and the location of the study site (rectangle)
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with high spatial bias. As no duplicate records were found in these different databases, they 
were considered to be independent.
Species records were restricted temporally (2001–2016), spatially (to the extent of the 
study area) and by resolution (≤ 100 m precision) using functions from the R package ras-
ter (Hijmans 2016; R Core Team 2016). Although landscape restoration work began in 
2012 limiting records to pre-2012 resulted in too few records to produce good models. 
As such we do not consider that baseline models represent “pre-management” conditions, 
but rather represent conditions without considering management actions. Uneven sampling 
effort can bias MaxEnt predictions, giving higher suitability scores to more intensively sur-
veyed sites (Hijmans 2012). Species presence datasets were spatially thinned to reduce the 
effects of any sampling bias using the package SpThin (Aiello-Lammens et  al. 2015) to 
filter the data by imposing a minimum nearest neighbour distance of 300 m (odonates and 
water voles, less mobile species) or 900 m (grass snake and birds, more mobile species). 
Following this thinning the number of records used for each indicator species were: Coena-
grion puella: n = 83; Sympetrum striolatum: n = 139; Emberiza schoeniclus: n = 52; Peocile 
montanus: n = 18; Arvicola amphibius: n = 149; Natrix natrix: n = 25.
Twenty-five environment layers, rasterised to a 300 m cell size, were used as the land-
scape inputs for habitat suitability models using MaxEnt v3.3.3 k (Dudik et al. 2004). The 
layers represented land cover, elevation, bioclimatic variables (from WorldClim, Hijmans 
et al. 2005) and density of linear features: roads, railways, rivers and agricultural ditches 
(see Online Resource, Appendix A and Figure S2). Parameterisation of MaxEnt models 
followed the procedure of Mazor et al. (2016) for settings see Online Appendix B.
In order to represent the local-scale changes to the HHL NIA landscape, spatially 
explicit management data were retrieved from the Biodiversity Actions Recording Service 
(BARS). This dataset represents the landscape modifications during phase 1 of the HHL 
NIA management program (2011–2015). Each management action was ranked in terms 
of the local effect on habitat quality for each species individually. Actions were ranked 
from zero (no effect) to three (large increase in quality) based on the expert opinion of 
four conservation practitioners involved in designing and delivering the interventions. The 
resulting habitat modifications for each species are shown in Fig. 2. Ranked data for habitat 
improvement were converted to a 0–0.3 scale to match the MaxEnt scale. The manage-
ment-modified habitat suitability maps were generated by summing the MaxEnt outputs 
and management modification rasters (maximum suitability limited to 1).
Model 2: individual‑based models
In order to identify the functional responses of our indicator species to the habitat struc-
ture provided by MaxEnt models we used spatially explicit individual-based models. These 
models simulate the actions of every individual within a metapopulation with their behav-
iour determined jointly by life-history parameters and conditions determined by a set of 
spatial inputs (van der Vaart et al. 2016). The habitat suitability maps generated by Max-
Ent were the basis of the spatial inputs used for three key components of individual-based 
models constructed in RangeShifter v1.0.5 (Bocedi et al. 2014a): a habitat quality map that 
used the MaxEnt output rescaled to a 0–100 scale with cell values representing the percent-
age of maximum carrying capacity that the cell can support; a patch layer defined such that 
Fig. 2  Modifications to habitat quality for indicator species brought about by conservation management. 
The black line marks the HHL NIA boundary
▸
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cells with a habitat suitability < 0.5 became inter-habitat matrix and those with a suitabil-
ity ≥ 0.5 habitat (Liu et al. 2005); and a cost surface, with cell values representing the dif-
ficulty a dispersing animal has moving through the cell, was created based on a reciprocal 
transformation of habitat suitability (after adding 0.1 to limit maximum resistance to 10) 
resulting in a scale of matrix hostility of 2–10 (all habitat had a resistance of 1).
Demographic and behavioural parameters were drawn from a literature search. A table 
of parameter values used in RangeShifter models is given in Online Appendix D. Transfer 
between habitat patches was modelled using the Stochastic Movement Simulator (Palmer 
et al. 2011), embedded in RangeShifter (Aben et al. 2016). The dispersal parameters gen-
erated realistic dispersal kernel patterns at the population scale, while allowing stochas-
tic, cost-directed movement decisions at the individual level (see Online Appendix C for 
details).
Initialisation and evaluation
Baseline models were initialised with all patches occupied at carrying capacity. Fifty repli-
cates of each model were run. After a 99 year burn-in, values for the 100th simulation year 
taken across the 50 replicates were used as final output (means for population size, popula-
tion density, dispersal distances and number of dispersers while occupancy was taken as 
the proportion of replicates in which a habitat patch had a non-zero population). Manage-
ment models, those using the management-modified MaxEnt outputs, were initialised to 
reflect the population structure in baseline outputs. Only habitat patches with occupancy 
rates of ≥ 0.5 in baseline outputs were seeded and starting density within patches was set 
so that the management population at initialisation matched baseline output populations. 
In order to establish stable population dynamics (i.e. when population size and occupancy 
rates are reasonably stable) a 19 year burn-in was required. Final output was taken for the 
20th simulation year, by which time stable population structure was established for all 
species, as for the baseline models for the 100th year. Due to the uncertain effect of the 
burn-in time, outputs can only be considered broadly applicable to conditions in the HHL 
NIA 5–20  years following management actions. In order to assess the effect of innacu-
racy defining demographic input parameter values, sensitivity analyses were conducted for 
both baseline and management models (Online Resource, Appendix H). T-tests were used 
to identify significant differences (p < 0.05) between baseline and management models in 
landscape-summarised outputs: landscape transfer (the total number of individuals moving 
from one habitat patch and settling in another), mean distance moved by dispersing indi-
viduals and total population size in the final simulation year. Spatially-explicit changes in 
landscape connectivity were evaluated visually through the examination of network plots 
(Fig. 7, Online Resource, Appendix G).
Field surveys
In order to validate model outputs, field surveys were undertaken in 2017. Transect sur-
veys for Arvicola amphibius were designed to cover 20 of the 300 × 300 m cells used in 
the models, using a stratified-random sampling method (Southwood and Henderson 2000) 
to ensure that the range of habitat suitability predictions made by the baseline MaxEnt 
models was represented (five survey cells per quartile of habitat suitability scale). Based 
on Ordinance Survey maps and satellite images, transects were drawn in each of the sur-
vey cells to cover all potential vole habitat. Surveys focused on searching for field signs to 
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identify presence/absence within survey cells, as per standard water vole monitoring meth-
ods (MacPherson and Bright 2011). Logistic regressions were calculated in R using the drc 
package (Ritz et al. 2015) to compare presences detected in the survey cells with model 
predictions of habitat suitability (0–1 habitat score output by MaxEnt), occupancy (propor-
tion of model replicates in which the habitat patch has a population ≥ 1), and population 
density (mean number of individuals per cell in a habitat patch across all model replicates) 
in the survey cells.
Results
MaxEnt outputs
The test AUC and standard deviations output by MaxEnt were: Coenagrion puella 
AUC = 0.737 ± 0.045 (SD), Sympetrum striolatum 0.796 ± 0.041, Emberiza schoeniclus 
0.657 ± 0.059, Peocile montanus 0.671 ± 0.073, Arvicola amphibius 0.807 ± 0.033, Natrix 
natrix 0.826 ± 0.112. Figure  3 shows example outputs for Arvicola amphibius, the raw 
MaxEnt output, the management modified output and the RangeShifter spatial inputs based 
on these layers. Figures for other species are provided in Online Resources (Figs. S5–10). 
Table 2 shows the impacts of NIA management on the available habitat for each study spe-
cies (defining habitat as areas of > 0.5 habitat suitability in models).
Individual‑based model outputs
The pattern of connectivity predicted across the landscape for each indicator species is 
shown in Fig. 4 for baseline models and Fig. 5 for management models. The connections 
between habitat patches represent a prediction of functional connectivity (the successful 
exchange of individuals between habitat patches). Coenagrion puella, Emberiza schoeni-
clus, Peocile montanus and Arvicola amphibius (Fig. 4b–e) display a series of function-
ally isolated clusters, whereas Sympetrum striolatum and Natrix natrix are strongly con-
nected across their predicted range. However, significant bottlenecks are predicted in the 
Sympetrum striolatum network and Natrix natrix is restricted to a corner of the landscape 
(Fig. 4a, f).
Evaluating management impacts
Landscape-summarised outputs are shown in Fig.  6. The models predict a significant 
increase in the landscape transfer of individuals for all modelled species except Coena-
grion puella and Peocile montanus. The same pattern can be seen in overall population 
size, except here Coenagrion puella also shows a significant increase. Mean dispersal 
distance also shows a significant increase in management models for all species except 
Peocile montanus.
Figure 7 shows the changes in patch connections due to management interventions. A 
number of inter-patch connections are expected to be enhanced or created (as shown in 
green) by management efforts (with the exception of Peocile montanus). However, the pat-
tern of connections across the landscape is not greatly different to that of baseline mod-
els (Fig. 4). Rather than new connections being created in management models, the main 
 Biodiversity and Conservation
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Fig. 3  MaxEnt outputs and RangeShifter spatial inputs for Arvicola amphibius. For the patch inputs, blue indicates 
habitat present in the baseline models and red extensions/new habitat patches created through management
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benefits predicted are the buffering and enhancement of existing functional connections 
across the landscape.
Field surveys
Eighteen sites were surveyed for Arvicola amphibius between 20th April and 6th July 2017, 
with two of the planned sites not accessible due to poor weather. Presence and absence 
results are compared with patch-based population predictions from models (for full outputs 
see Online Appendix G) in Fig. 8. Logistic regressions indicate baseline population density 
was the best predictor of species presence in field surveys. Presence was also predicted 
better by the outputs of models such as occupancy and population density than by habitat 
suitability alone (Table 2, Fig. 8).
Discussion
This study (and the related work by Cruz et al. 2015) represents the first quantitative evalu-
ation of practical interventions stemming from recommendations put forward in the Law-
ton Review of landscape management (Lawton 2010). The specific aim was to evaluate the 
landscape management of the HHL NIA with regard to increasing ecological connectivity. 
This evaluation was conducted through ecologically representative hybrid models for six 
indicator species in the HHL NIA. These models combined species-specific habitat suit-
ability models with spatially-explicit, individual-based dispersal and population models.
The stated aims of the HHLs management plan, based on Lawton (2010), are to create 
a bigger, better and more connected ecological network (HLP 2015). The models suggest 
that these targets have been met to some degree, as management has increased the area of 
habitat for five modelled species (although not for Peocile montanus) (see Fig. 6, Table 3). 
Population growth and increased landscape transfer are predicted at the landscape scale as 
a result of this. However, the lack of impact for a key management target species (Peocile 
montanus), likely due to a limited area of habitat enhancement for this species (see Fig. 7), 
suggests that the NIA management may not have targeted this nationally declining habitat 
specialist adequately (Lewis et al. 2007).
Despite being driven by the best readily available data, the relevance of these model 
outputs depend upon the accuracy of these data and the relevance of several assump-
tions made during the modelling process (MacPherson and Gras 2016). As such, inde-
pendent empirical data was sought to validate model predictions via field surveying of 
Table 2  Management area and the effects on habitat area
Species Area of management 
impact/ha
Baseline  
habitat area/ha
Management 
habitat area/ha
New habitat 
created/ha
Coenagrion puella 15,290 13,100 16,010 2910 (+ 22%)
Sympetrum striolatum 15,290 10,990 13,220 2232 (+ 20%)
Emberiza schoeniclus 2020 13,180 13,710 531 (+ 4.0%)
Poecile montanus 250 11,910 12,200 297 (+ 2.5%)
Arvicola amphibius 14,980 15,810 19,290 3474 (+ 22%)
Natrix natrix 13,580 6020 6800 783 (+ 13%)
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Fig. 4  Connectivity output from baseline models. Circles represent habit patches and lines represent the 
number of animals exchanged between habitat patches per year. Circle size indicates patch area and line 
width the number of animals exchanged. Colour represents occupancy (blue for occupancy < 0.5 and orange 
for occupancy of > 0.5)
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Fig. 5  Connectivity output from management models. Circles represent habit patches and lines indicate the 
number of animals exchanged between habitat patches per year. Circle size represents patch area and line 
with the number of animals exchanged. Colour represents occupancy (blue for occupancy < 0.5 and orange 
for occupancy > 0.5)
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the modelled landscape. While provisional in scope, the data collected lends tentative 
support to the accuracy of model predictions and thus the validity of model structure, 
if not the response to management modifications (though this is likely due to the lim-
ited time since management actions were completed). Repeating the surveys over mul-
tiple field seasons would have allowed a confident assessment of whether management 
changes are having an impact, but we did not have the time or funding for multi-year 
field surveys.
The simulated dynamics for Arvicola amphibius fit previous work by MacPherson 
and Bright (2011) modelling metapopulation structure in this species, in that a few large 
fragments of habitat are predicted to support metapopulation dynamics and maintain 
populations in smaller fragments. Genetic studies of vole metapopulations have found 
a high degree of genetic differentiation by distance between populations, supporting the 
model prediction that these large habitat fragments are functionally isolated from each 
other over large distances (Melis et  al. 2013). These results provide vital information 
for supporting the conservation management of this species, which has undergone seri-
ous declines in the UK due to habitat loss and predation by invasive American mink, 
Neovision vision (Strachen 2004). As such, the creation and/or maintenance of large 
Fig. 6  Differences between baseline (“base”) and post-management (“manage”) models in landscape 
transfer, mean dispersal range, and landscape population. NS non-significant, *p < 0.05, **p < 0.01, 
***p < 0.001. Error bars represent ± one standard deviation
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Fig. 7  Change in connectivity between baseline and management outputs. Circles represent habit patches and lines 
show change in individuals exchanged. Circle size indicates patch area and line width the difference in number of 
animals exchanged between baseline and management models. Blue nodes indicates occupancy < 0.5 and orange 
for occupancy > 0.5 in management models. Green lines indicate an increase in movement for management models 
and red a decrease
 Biodiversity and Conservation
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fragments of reedbed and grazing marsh, and the promotion of connections between 
these fragments are of vital importance to this species.
One unexpected and potentially problematic result is the significant difference in mean 
dispersal range between baseline and management models, as dispersal ranges predicted in 
management models no longer fit empirical estimates as intended (see Online Appendix 
C). However, when landscape structure changes species traits will not change, but interac-
tion with a novel landscape structure may create novel, emergent patterns, such as a change 
in the realised dispersal range of species. As the management landscapes do not represent 
typical fragmentation patterns as closely as baseline landscapes, it might be expected that 
“less typical” dispersal ranges are observed. Furthermore, empirical measurement of dis-
persal kernels is often confounded by logistics, particularly study area size (Hassall and 
Thompson 2012) making the quantification of long distance movements particularly dif-
ficult (Trakhtenbrot et al. 2005). Empirical studies have demonstrated that measured dis-
persal distances are to some degree determined by levels of habitat fragmentation (Mayer 
et al. 2009). As such we believe that dispersal kernels should not necessarily be conserved 
when landscape structure has changed, meaning that our simulations may still be realistic, 
although they should be treated with a note of caution.
Management implications
The evaluation of management actions is generally positive, indicating success in enhancing 
connectivity within submodules of the landscape habitat network. However, these benefits 
Fig. 8  Presence–absence results of field surveys for Arvicola amphibius against baseline model predictions. 
Overlapping points are separated along the x-axis for clarity. The model fit relates to the statistically signifi-
cant model (see Table 3 for more details)
Table 3  Arvicola amphibius logistic regressions comparing baseline and management model ability to pre-
dict survey results
* Statistical significance at p = 0.05
Treatment Predictor Estimate SE Z-value p-value
Baseline Habitat suitability 2.270 2.057 1.104 0.270
Occupancy 1.792 1.093 1.639 0.101
Population density 3.314 1.625 2.039 0.041*
Management Habitat suitability 2.529 2.195 1.152 0.249
Occupancy 1.792 1.093 1.639 0.101
Population density 2.592 1.511 1.716 0.086
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have not extended to every indicator species considered, as the nationally declining Peocile 
montanus was not predicted to see similar benefits as other species. This appears to be a result 
of poor targeting of woodland habitat that, although relatively scarce across the HHL NIA 
(HLP 2015), is a key requirement for this species (Hogstad 2014). In addition, there are limita-
tions to the benefits predicted for other indicator species considered, suggesting that the man-
agement actions have been poorly focused to reconnect functionally isolated elements of the 
habitat network for key species. This highlights the need to target management interventions 
more carefully in order to create dispersal corridors that reconnect functionally isolated ele-
ments of species’ habitat networks, similar to recommendations made in other studies (Con-
lisk et al. 2014; Benz et al. 2016).
By simulating populations across the landscape we have gone further than most analyses of 
functional connectivity by considering the effects of population dynamics, meaning we were 
able to generate predictions of realised connectivity (Wiegand et al. 2004). The species-spe-
cific, bottom-up approach used offers biologically representative modelling based on explicit 
consideration of species attributes, from the first stages of model construction, informed by 
current ecological theory. Although the approaches used here provide a strong framework 
for estimating metapopulation and connectivity patterns in an ecologically meaningful man-
ner, these models require further development and refinement. With more detailed ecological 
data more robust habitat models could be constructed (Guillera-Arroita et al. 2015) and den-
sity-dependent processes could be incorporated into individual-based models (Bocedi et  al. 
2014b).
The main limitation of connectivity management within the Humberhead Levels NIA 
appears to have been due to the practical necessity of most of the conservation effort occurring 
within existing natural or managed areas (Humberhead Levels Partnership 2015). Although 
working within existing natural areas reduces many costs and problems (e.g. land acquisi-
tion costs, access costs and increased investment needed to restore truly degraded areas), here 
we see the limitations of this. As the landscape modifications within the Humberhead Levels 
have largely enhanced existing habitat, rather than created new habitat patches (Fig. 2, Online 
Appendix F Fig. S9), meaning that no major restructuring, such as the creation of migra-
tion corridors etc., has occurred. To create these enhanced connections it may be necessary 
to work outside of existing wild networks and invest resources in rewilding degraded areas 
and/or focus on the removal of dispersal barriers in the landscape (Ziółkowska et al. 2016). 
However, such actions are not trivial and should be carefully planned. We suggest that the 
kinds of models used here may be equally useful alongside systematic conservation planning 
approaches that incorporate costs and benefits to generate hypothetical protected area net-
works. Subsequent analysis for connectivity as presented in this study could facilitate an itera-
tive process of reserve design that could be used to optimise connectivity in a cost effective 
and ecologically effective manner before resources are invested on the ground (Allen et al. 
2016). While a limitation of the approach is the paucity of species-specific data, we feel that 
the application of a keystone or indicator species approach such as that presented here would 
go some way towards producing meaningful, functional connectivity evaluations that are rep-
resentative across many taxa.
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Conclusion
In order to assess the landscape scale impacts of management in the HHL NIA, a model 
framework has been developed with a novel combination of features, namely (i) use of a 
recently developed individual based metapopulation modelling platform, RangeShifter; 
(ii) multiple focal species and large spatial extent of the study for an individual based 
model; (iii) dispersal parameterisation using the Stochastic Movement Simulator; and 
(iv) application of a hybrid model framework to assess connectivity without a climate 
change or range shift aspect. By considering species-specific biology from the first 
stages and simulating ecological processes in a bottom-up manner, simulation models 
were created that can replicate natural patterns. These models produced detailed predic-
tions of structure and connectivity for each indicator species considered, which have 
allowed evaluation of management efforts in the landscape. These predictions, and the 
methods developed to produce them, should be valuable in informing the future man-
agement of the HHL NIA. Through further development and elaboration these methods 
can be usefully applied to both evaluating and planning landscape-scale conservation 
for connectivity enhancement, among other potential objectives.
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